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ABSTRACT

We revisit the assumptions associated with the derivation and application of species
sensitivity distributions (SSDs). Our questions are (1) Do SSDs clarify or obscure the
setting of ecological effects thresholds for risk assessment? and (2) Do SSDs reduce or
introduce uncertainty into risk assessment? Our conclusions are that if we could deter-
mine a community sensitivity distribution, this would provide a better estimate of an
ecologically relevant effects threshold and therefore be an improvement for risk assess-
ment. However, the distributions generated are typically based on haphazard collections
of species and endpoints and by adjusting these to reflect more realistic trophic
structures we show that effects thresholds can be shifted but in a direction and to an
extent that is not predictable. Despite claims that the SSD approach uses all available
data to assess effects, we demonstrate that in certain frequently used applications only
a small fraction of the species going into the SSD determine the effects threshold. If the
SSD approach is to lead to better risk assessments, improvements are needed in how the
theory is put into practice. This requires careful definition of the risk assessment targets
and of the species and endpoints selected for use in generating SSDs.

Key Words: application factors; extrapolation; probabilistic methods; risk assessment;
uncertainty.

INTRODUCTION

Ecological risk assessment is a process that evaluates the probability or likelihood
that adverse ecological effects will occur (or have occurred or are occurring) as a
result of exposure to stressors from various human activities (USEPA 1992). One
relevant definition of ecological harm is in terms of likelihood of a species popula-
tion reducing to extinction. This can be effectively operationalized in terms of
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population growth rate (λ) such that if this is consistently below one it will ultimately
lead to population density reducing to zero. Once an impact on a population has
occurred, the likelihood and time required for population recovery will also depend
on λ. Different species have inherently different population growth rates, and the
sensitivity of population growth rate to changes in individual survival, reproduction
and development time varies as a function of life-cycle type and the demographic
state of the population (Calow et al. 1997; Akçakaya et al. 1999; Caswell 2001). Thus
some species populations are inherently more susceptible to extinction than others,
for example, because they start off with population growth rates close to one,
because their survival, reproduction, and/or development are very sensitive to
stressors, or because their life cycle is such that very small impairments in survival,
reproduction and/or development lead to relatively large impacts on λ. Very often
the aim of risk assessment is to determine risk to whole communities of species, and
in such cases it becomes necessary to accurately quantify the variability in sensitivity
of λs among species in the community of interest as a result of exposure to a stressor.

In the remainder of this article we restrict consideration to chemical stressors and
define exposure in terms of chemical concentration in the environment. This is
ideally represented as a distribution of the likelihood of exposure concentrations
over space and/or time. If the exposure concentration below which there is no
impairment in λ — effectively a λ NOEC or EC10 — could be determined for each
species in the community, the resulting distribution of λ NOECs(EC10s) would give
an ecologically meaningful measure of the species sensitivity distribution for the
community with respect to a particular stressor (i.e., a community-SSD). The risk
assessment would then involve a comparison between the community-SSD and the
exposure distribution to give a likelihood of harm being done to species in the
community.

One way that has been used to provide an assessment of risk in practice has been
to divide a predicted or measured environmental concentration (PEC or MEC) by
a predicted no effect concentration (PNEC), often referred to as a risk (or hazard)
quotient (RQ). The PNEC is derived from some ecotoxicological endpoint (typi-
cally survival, reproduction, or growth) that is measured in individuals. When, as is
often the case, the assessment endpoint is the population, the individual-level
responses need to be extrapolated to population dynamics (ECOFRAM 1999). It is
implicit that, since the effect endpoint chosen for input into the RQ is usually
derived from the most sensitive species, it represents the left tail of the community-
SSD. In recognition of the uncertainties in this assumption, the measured effect
concentration (e.g., L(E)C50 or NOEC(or EC10) ) is divided by an application factor
(AF). The Technical Guidance Document (EU TGD) used in association with
existing and new substances legislation within the European Union (CEC 1996)
provides specific recommendations on the size of application factors to be applied
under different circumstances to derive PNECs for aquatic ecosystems. A similar set
of factors is used in the U.S. by the U.S. Environmental Protection Agency’s (USEPA)
Office of Pollution Prevention and Toxics (OPPT) to set ‘concern levels’ (i.e., the
level of chemical exposure in the environment at or above which significant risks to
aquatic organisms are likely) (Zeeman and Gilford 1993; Zeeman 1995). For pesti-
cides, the mechanics of the calculations may differ somewhat (ECOFRAM 1999;
CEC 1997), but the concept of reducing the measured effect concentration by a
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fixed factor to account for the uncertainty in the risk assessment is essentially the
same.

In practice, the RQ approach has most often used single numbers for both
P(M)EC and PNEC, ignoring the uncertainty associated with these estimates. How-
ever, there is always uncertainty in P(M)ECs and PNECs, and this can be repre-
sented by fitting the values to a statistical distribution. Thus, combining the distri-
bution of PEC/MECs with the distribution of PNECs (e.g., using resampling
techniques such as Monte Carlo), the probability that the PEC/MEC exceeds the
PNEC can be estimated, given the uncertainty in each (Calow and Forbes 1999;
Campbell et al. 2000). This approach can be particularly helpful in borderline cases
where risk quotients are close to one and there can be arguments about worst- and
best-case assumptions (Calow and Forbes 1999).

In response to criticism of the application factors used in deriving PNECs, an
alternative approach has been advocated that attempts to approximate a commu-
nity-SSD by incorporating observations on a variety of species from ecotoxicological
tests (Stephan et al. 1985; Aldenberg and Slob 1991; Wagner and Løkke 1991). The
resulting distribution enables estimation of the concentration at which effects on
some (large) fraction of the tested species will not occur. This value is then com-
pared to the measured or predicted exposure concentration to get an estimate of
risk. An often-cited criticism of the RQ approach is that it does not provide a
quantitative probability of risk. In principle, an advantage of the SSD approach is
that statistical techniques can be used to combine the uncertainty represented by
the frequency distributions of effects and exposure concentrations to provide a
statement of probability of harm to the selected group of species. However, since the
species used for input into the sensitivity distributions generally are not derived
from any known community, the ecological interpretation of the resulting risk
probability is not obvious.

Thus, both the RQ and SSD approaches can lead to statistically based risk
assessment that recognizes uncertainty in exposure and effect concentrations. The
RQ approach has the advantage of being simpler to apply, but it has been criticized
for being somewhat arbitrary. The SSD approach makes more use of all available
information on effects and has been advocated as a more objective and scientific
procedure. In what follows below we revisit the fundamental assumptions used in
the theory behind the SSD approach and in putting the theory into practice. Our
main questions are (1) Does the SSD approach clarify or obscure the setting of
ecological effects thresholds for risk assessment? and (2) Does the SSD approach
reduce or introduce uncertainty into the process of risk assessment?

Our conclusions are that if we could determine a community-SSD, this would
provide a better estimate of an ecologically relevant effects threshold and therefore
be an improvement for risk assessment. However, the SSDs that are often generated
do not represent any known community, but are often interpreted as if they do.
Good risk assessments should be transparent, by which we mean: (1) the quality of
the input data can be readily assessed by an independent evaluator of the risk
assessment (i.e., the risk assessors should provide explicit quality criteria used in data
selection); (2) all assumptions and decisions are clearly stated and justified (whether
these are based on scientific evidence or are policy decisions); and (3) conclusions
drawn represent a precise and accurate interpretation of the analysis. We shall
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demonstrate in the following that risk assessments based on SSDs often have not
been as transparent as they could (and should) be, and this tends to obscure the
uncertainties going into the effects assessment. The SSD approach also introduces
uncertainty into risk assessment in that many of its assumptions either have not
been, or cannot be, tested in practice. These issues are particularly pertinent when
it is remembered that risk assessments carried out for regulatory purposes are
usually effected in a tiered way and that decisions about proceeding to higher tiers
are based on the results of tests at each of the preceding tiers. Thus each step in the
process needs to be robust enough to be applied routinely and conservative enough
to ensure that the process is not stopped prematurely.

WHAT ARE THE ASSUMPTIONS?

In this section we list the major assumptions associated with the theory behind
the species sensitivity distribution approach and the assumptions that need to be
made in putting the approach into practice.

Assumptions Behind the Theory

T1. Interactions between species do not influence the sensitivity distribution — the
sensitivity distribution represents each and every species within a community as an
independent entity (Wagner and Løkke 1991). In reality, communities represent com-
plex interactions between species such that the impairment of any one species may have
knock-on effects on others, for example, through trophic and/or competitive interac-
tions. However, the fewer the species in the community that are impaired, the lower the
likelihood that interaction effects will have a major influence on the SSD.

T2. All species are weighted equally — the sensitivity distribution approach
assumes that the loss of any species is of equal importance to the system, for
example, in terms of stability properties and/or process properties, and therefore
the effect values for the species going into the distribution receive equal weights.
Keystone or other functionally important species (Paine 1966; Lawton and Brown
1993) are implicitly assumed to be distributed randomly in the sensitivity distribu-
tion and be as equally likely as other species to fall in the extreme left (most
sensitive) tail of the distribution (Forbes and Forbes 1993).

T3. Structure is the target of concern — There is a distinction between community
structure, represented by species composition, and ecosystems, as represented by the
combination of community structure and underlying processes that involve fluxes of
energy and matter (Cairns and Pratt 1995). The sensitivity distribution approach focuses
on community structure and makes no direct connection to underlying ecosystem
processes (Forbes and Forbes 1993). The available evidence suggests that whatever the
form of the relationship between community structure and ecosystem process, that
species composition is generally at least as sensitive to stress as changes in, for example,
photosynthesis, respiration or decomposition (Pratt and Cairns 1996).

Assumptions in the Application

Assumptions and decisions made in putting theory into practice and that have to
apply if the SSD approach is going to improve on the RQ approach:
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P1. The sample of species used to construct the sensitivity distribution is an
unbiased sample of the target group of species about which conclusions are to be
drawn. For example, if the risk of a chemical for marine ecosystems is to be
estimated, the species selected for input into the sensitivity distribution must be an
unbiased (i.e., statistically random) sample of the marine ecosystem(s) of interest.
If the distribution is meant to represent ‘the universe of species’ (Klaine et al. 1996),
then it should be an unbiased random sample of such. This assumption presents
both theoretical challenges (including defining an ecosystem and deciding the basis
(i.e., number? biomass? functional role?) on which to draw a random sample from
it) as well as practical challenges (e.g., assuming that species could indeed be
sampled randomly, it is unlikely that all, or even most, of them would be amenable
to toxicity testing). Because the species used to construct sensitivity distributions are
usually chosen from the available literature or databases, (1) they typically derive
from a range of ecosystems (sometimes with freshwater and marine ecosystems
pooled for analysis), and (2) their number and identity will vary among chemicals.
There is therefore little reason to expect a consistent relationship between the SSDs
that have been constructed to date (e.g., those shown in Table 1) and impacts on
actual communities or ecosystems. This is particularly problematic when the same
SSD is combined with site-specific exposure data to compare relative risks of a
chemical among sites (Cardwell et al. 1999). Such analyses do not provide a compari-
son of risk, but simply a comparison of relative exposure among sites.

P2. The endpoint is ecologically relevant. In selecting appropriate biological
responses for input into a sensitivity distribution it must be assumed that these relate
to harmful ecological effects. In practice responses have involved primarily acute or
chronic survival, chronic reproduction, or growth. The relationship between changes
in these individual-level responses and impacts on population dynamics varies
considerably among species and as a result of the demographic starting point of the
population (Forbes et al. 2001). This is generally ignored, and indeed often the data
used to generate SSDs represent a mixture of endpoints.

P3. The chosen level of protection is appropriate. In defining the appropriate
protection threshold (i.e., 1%, 5%, 10%, etc.) to put into the risk assessment,
assumptions have to be made about the connection between the threshold and the
sustainability of the system. Strictly speaking this could be considered a policy
decision and not an assumption of the model. Nevertheless, if the SSD approach is
to live up to its reputation as an objective and transparent approach to risk assess-
ment, then the chosen protection criteria should in principle have a clearly articu-
lated and scientifically based justification.

P4. Chosen confidence limits around the protection level are appropriate. The
selected threshold can be defined with varying levels of confidence chosen by the
investigator, and it is assumed that the level chosen for use will be sufficiently
rigorous to deliver an appropriate protection level. The level of confidence is usually
chosen to be either 50% or 95% (Aldenberg and Slob 1991; Wagner and Løkke
1991). It is often unclear how decisions about the size of confidence limits are made,
but they may make a large (> factor 10) difference in the protection level (OECD
1992).

P5. The shape of the distribution is appropriate. It is assumed that the shape of
the distribution that is fitted to the effects data approximates to the sensitivity
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distribution of the target group of species. Choice of distribution is important since
the differences among the most commonly employed distributions are largely in
their tails, and it is here where the critical effect concentration is estimated. Several
studies have addressed this issue of distributional shape choice and have used
various statistical fitting methods to assess which distribution(s) is(are) the most
appropriate for fitting single species NOEC data (Versteeg et al. 1999; Newman et al.
2000). These analyses clearly indicate that no single distribution consistently pro-
vides the best fit to these kinds of data. In practice, this means that every data set
should be tested to determine which distribution provides the best fit. Problems
here are that the choice will generally be constrained to a few standard distributions
for which goodness-of-fit tests are available, and rarely are the data sets large enough
that much confidence can be placed in the goodness-of-fit results. Some users of the
SSD approach have assumed a distribution without apparently attempting to test
whether it provides a good fit to the data (Steen et al. 1999). Newman et al. (2000)
argued that bootstrap estimation provides a partial answer to the problems of
ambiguity in selecting a specific distribution and estimation of the approximate
number of species needed to precisely estimate the effects threshold. However, they
also noted that bootstrap estimation requires a random sample of species sensitivi-
ties from the universe of possible species sensitivities about which one wishes to draw
conclusions (and hence does not avoid the need to address P1). Although
bootstrapping may offer an attractive alternative to assuming a specific distribution,
it increases the technical requirements (computer and software availability as well
as expertise) necessary to apply the sensitivity distribution method. Another, possi-
bly simpler alternative is the so-called empirical distribution function (Jones et al.
1999; Suter et al. 1999) in which effects data are ranked in ascending order and the
centiles estimated as (100 x rank)/(n + 1) where n is the number of data points in
the distribution (Klaine et al. 1996). This approach has the advantage of not
requiring a standard distribution to be fit to the data points. However it can easily
be shown that for sample sizes smaller than 19, the 5th centile of affected species
cannot be estimated, and a sample size of at least 9 is needed to estimate the 10th
centile (Table 2). Another potential disadvantage of this approach is that confi-
dence limits around the chosen centile are not readily derived. It should be noted
that linear regression may also be used to estimate centiles from the ranked effects
data (Giesy et al. 1999), but this then requires assumptions to be made about the
underlying shape of the SSD.

P6. The number of species used to fit the distribution is adequate. The assump-
tion here is that the number of species used in the analysis will be sufficient to
deliver Assumption P5.

HOW HAS THE METHOD BEEN USED IN PRACTICE?

To obtain an impression of the way the sensitivity distribution approach has been
applied in practice, we reviewed the Hazard/Risk Assessment section of Environmen-
tal Toxicology and Chemistry from volume 15 (1996) through volume 20(3) (2001).
This involved slightly more than 100 articles of which those shown in Table 1
employed a sensitivity distribution approach. The aim of this exercise has not been
to carry out a comprehensive review, but to draw attention to problems by sampling
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from a few influential studies. For each article we determined the source of the
input data, endpoints used, the chosen protection level and its confidence limits,
the sample size used as input, and the distribution that was assumed. It is possible
to make the following generalizations:

1. Effects data were mainly taken from the literature and not from the target
community/ecosystem of interest. In other words, none of the distributions
was a community-SSD despite the fact that a number had site-specific commu-
nities as targets of the risk assessment. We also noted that the species were
generally selected to represent major trophic- or taxonomic groups but that
these were not represented in proportion to their abundance in actual sys-
tems. In some cases species from very different ecosystems (e.g., freshwater and
marine) were combined in a single distribution. This means that all violated
Assumption P1. In one case the relative risks for very different regions (i.e.,
Puget Sound, Narragansett Bay, and Lake Erie) and habitat types (i.e., mari-
nas, commercial harbors, shipyards, fish and shellfish habitats) were com-
pared on the basis of the same SSD, despite the fact that the local species
compositions would have differed greatly among sites (Cardwell et al. 1999).
The SSD approach presumes that the sensitivity of a community depends on
the sensitivity of the individual species of which it is composed. Because the
species composition of a commercial harbor is likely to be very different than
that of a fish and shellfish habitat, comparing the relative susceptibility of
communities at such sites using the same literature-based SSD is questionable.

2. The effects represented in a single distribution were often based upon a variety
of endpoints for different species going into the distribution. These are not all
of the same ecological relevance given differences in the life cycles of the

Table 2. Relationship between sample size and centile
of the most sensitive species where centile is
estimated as (100 x rank)/(n + 1) and
n=sample size (Klaine et al. 1996).
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species used (Forbes et al. 2001). This causes problems with regard to Assump-
tion P2.

3. A variety of distributions was employed and not always with rigorous justifica-
tion, so raising questions with regard to Assumption P5.

4. The percentage of species chosen for protection was often 5 to 10%, although
in some studies no ‘acceptable’ percentage was defined, but rather centiles
were used to compare relative risks. In one case effects on up to 20% of species
were considered as ‘negligible risk’ (Jones et al. 1999). Solomon et al. (2001)
stated that any centile could in principle be used, ‘provided that this measure
can be validated against a knowledge and understanding of ecosystem struc-
ture and function, or calibrated in tests conducted in microcosms or in the
field’. Because the species going into the SSD mostly have been taken from the
literature and not from an intact ecosystem, the relation between any distribu-
tion-derived protection level and ecosystem structure/function is arbitrary,
and this raises questions under Assumption P3. We recognize that the risk
quotients are based on the same data set of test species, but here the lack of
precision in interpretation of the RQ is more obvious. Using an SSD to
generate a precise probability statement that a certain fraction of species is
likely to be affected by a chemical is only helpful to the risk assessment process
to the extent that it is also accurate.

5. Confidence limits around the effects threshold either could not be defined,
were not defined, or if defined were specified somewhat arbitrarily. So this
raises doubts about whether Assumption P4 was satisfied and even if it was,
given the importance of this assumption on the outcome, it was rarely justified
clearly enough.

6. The number of species used was generally greater than five and sometimes
more than 50, but data on them were usually taken from databases and this
raises questions of relevance as already discussed above.

7. In addition, in at least one instance, application factors were used to convert
acute effects endpoints to chronic values for input into the distribution, which
introduces the sources of uncertainty associated with the RQ approach into
the SSD.

RELATIVE MERITS OF THE TWO APPROACHES AS THEY HAVE BEEN
USED

The ultimate arbiter of the two approaches would be in terms of which leads to
better protection, that is, more accurate risk assessments, but it is not possible to
make this comparison because neither of the approaches has been evaluated suffi-
ciently for existing ecosystems. Both the RQ approach and the SSD approach may
give an incorrect estimate of risk, for different reasons and to different and/or
inconsistent degrees. Given the difficulty in determining which approach gives an
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answer closer to reality, a precautionary approach would be to use whichever
method leads to more conservative protection levels (i.e., lower effects thresholds).
Alternatively, it has been recommended that risk quotients remain in use as screen-
ing tools (in Tier 1) and SSDs be employed at higher tiers in the risk assessment
process (ECOFRAM 1999). A common feature of all tiered regulatory processes is
a progression beginning with conservative assumptions and moving toward more
realistic estimates. In such a progression, the first tier is designed to be protective
rather than predictive (ECOFRAM 1999). Thus, if RQs are to be used at tier 1 and
SSDs at a higher tier it is clearly essential that RQs should always yield lower effects
thresholds than corresponding SSDs. Otherwise chemicals could potentially pass
the first tier but fail higher tiers in the risk assessment process, and this would defeat
the purpose of the tiered approach. Previous reviews have indicated that if both RQ
and SSD techniques are applied to the same data set, which of the two approaches
gives a lower effects threshold depends on: (a) whether the RQ uses acute data
divided by a large factor or chronic data divided by a small factor, (b) the range of
interspecies variability for the chemical of interest, (c) the level of protection that
is chosen for the SSD, and (d) the chosen confidence limits for the SSD. When such
comparisons have been made, differences in protection levels between techniques
can go either way and are often not very great (OECD 1992; Calabrese and Baldwin
1993; Forbes and Forbes 1993). This led Calabrese and Baldwin (1993) to recom-
mend the use of SSDs, whereas Forbes and Forbes (1993) and Zeeman (1995) came
to the opposite conclusion.

The RQ approach has been criticized because it does not use all of the available
toxicity data, and since only the most sensitive endpoint is used in its derivation, the
only consequence of including more data from more tests is that the effects thresh-
old can be reduced. The SSD approach, on the other hand, uses all available data,
not just the lowest value. This means that as data accumulate the protection level
should become more precise and not necessarily lower. However, we noted above
that when species sensitivities are empirically fit to a cumulative distribution and
rank centiles calculated, a sample size of at least 19 is necessary to estimate the 5th
centile and a sample size of at least 9 is necessary to estimate the 10th centile (Table
2). In both cases these centiles are given by the most sensitive species in the
distribution. In North America it is common practice to compare the 10th centile of
effects data with the 90th centile of exposure data to quantify risk (SETAC 1994;
Solomon et al. 1996). Unless sample sizes of effects data are substantially greater
than 19 the outcome of the risk assessment will be largely determined by the one or
few most sensitive species, and despite claims to the contrary, the remaining data in
the sensitivity distribution have very little influence on the outcome of the risk
assessment. For example, for sample sizes of 30, the third most sensitive species will
fall at the 10th centile and for sample sizes of 50 the 5th most sensitive species will
fall at the 10th centile. This means that the range in sensitivity of the remaining 27
and 45 species, respectively, does not necessarily influence the outcome of the risk
assessment.

Another argument in favor of the SSD approach is that it defines levels of
protection in terms of likelihood of a certain percentage of species being protected.
This is more quantitative than the RQ approach, in which the risk (hazard) quotient
makes no explicit connection with species protected. Apart from the problem of
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deciding which percentage of species to protect (see above) the quantitative esti-
mate of risk offered by the SSD approach is only an improvement if it provides an
accurate representation of the target of the risk assessment. There is little reason to
expect haphazard collections of literature data to accurately reflect the percentage
of species at risk in actual communities in nature. The concern here is that we may
be led to generate very precise but inaccurate risk probabilities that impede rather
than improve the risk assessment process.

It has been argued that the SSD approach offers a clear advantage over the RQ
method in providing ‘an explicit, objective and quantitative basis for dealing with
uncertainty’ (Hart 1999). Although in principle, the approach has the potential to
do all of these, unfortunately our survey of the literature indicates that it often has
not. Many users of the SSD approach have not been explicit, but have obscured
several sources of uncertainty during estimation of the distribution and its subse-
quent interpretation. The SSD approach could offer a more (if not entirely) objec-
tive approach to risk assessment if decisions about which species and endpoints to
include, the shape of the distribution to use, the level of protection and its associ-
ated confidence limits are supported by observations on actual risk assessment
targets. Because this remains to be done, all of these decisions have been at least
partly subjective. The SSD approach does provide a quantitative estimate of uncer-
tainty, but such an estimate is only helpful for risk assessment to the extent that it
is accurate and can be interpreted (i.e., what does it mean for an ecosystem if 5%
of the species NOECs are exceeded?). At present there are question marks over the
extent to which the distributions generated by the SSD approach capture the
uncertainty accurately and are relevant for the communities/ecosystems they are
intended to represent.

IMPROVING THE SSD APPROACH IN PRACTICE

Here we offer some practical suggestions for improving implementation of the
SSD approach to enhance transparency and reduce uncertainty in risk assessment.

P1. The simplest and most transparent way to address the issue of appropriate
sampling is to ensure that the risk assessment targets are defined such that they
more accurately reflect the data on which they are based. For example, if an SSD is
generated from a literature survey of available aquatic toxicity data then the appro-
priate target of the risk assessment is ‘all of the aquatic species for which data could
be collected’ and not ‘the universe of species’ or ‘the community of aquatic species
in lake X’.

Since an important use of SSDs is in comparative risk assessment (e.g., comparing
risks of the same chemical among different sites, or comparing the relative risks
among different chemicals for the same kinds of communities) an important
priority for research should be an in-depth analysis of the consequences of species
input selection on the resulting SSD. How different are SSDs that accurately reflect
the taxonomic and trophic composition of specific community types compared to
those based on the distribution that happens to be available in a collection of
literature data? When comparing risks among chemicals is it important that the
SSDs to be compared are based on identical sets of taxa? Moreover, it is currently
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an open question as to which taxonomic level is the most appropriate for the
analysis.

As a first step toward exploring these issues we examined the trophic composition
of 11 SSDs published by Versteeg et al. (1999). We chose this article because (1) the
authors provided the raw data used as input in tabular form, (2) they selected their
input values from existing data sets, (3) they used genus geometric mean values that
reduced bias in favor of standard test species (e.g., Daphnia), and (4) they included
a range of chemical classes in their analyses. We assigned each genus in the data sets
a trophic code. In principle this should be 1 for primary producers, 2 for herbivores,
and 3 for carnivores. However, as a first approximation we allocated all invertebrates
to level 2 and all fish to level 3. There was a large amount of variability in trophic
composition of the data sets for the different chemicals, but average values across
chemicals were 27.5% primary producers, 34.7% invertebrates, and 37.8% fish
(Table 3). In contrast, the ecological literature suggests that most food chains are
between three and four levels and that the number of species in a wide variety of
aquatic community types increases by a factor of between two and three at each
decline in trophic level from primary producers (Rosenzweig 1995; Sand-Jensen
2000). Assuming a simple three-level food chain and taking a value of 2.5 for the
factor change in species number between trophic levels, then starting with 100
species in level one, there should be 40 in level 2 and 16 in level 3. Thus 64% of the
species will occupy the first trophic level, 26% will occupy the second level, and 10%
will occupy the third level. This will be independent of total species number and
might be used as a general ecological rule for species distributions amongst trophic
levels (cf. the situation may be somewhat more complicated in terrestrial systems
[Rosenzweig 1995]). Using the simple ecological rule for aquatic systems we com-

Table 3. Trophic composition of taxa within data sets from Versteeg et al.
(1999) as compared with the composition expected for aquatic
communities. First trophic level=primary producers, 2nd trophic level =
invertebrates, 3rd trophic level = fish. See text for details.
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pare these percentages to those in the SSDs shown in Table 3. It is clear that most
of the data sets underrepresented primary producers and overrepresented fish.

To explore the implications of such ecologically unrealistic sampling on the
effects assessment, we estimated the concentrations affecting 5% of the species in
the distribution (HC5) for both log-logistic (Aldenberg and Slob 1991) and log-
normal models (Wagner and Løkke 1991) (both with a 95% confidence level). We
also estimated the centiles of the ranked data (Table 4). We then chose two of the
larger data sets (LAS and Cd) and randomly resampled from the original data (with
replacement) to generate new distributions that conformed with the ecological rule
specified above. The results of these analyses are shown in Table 5. For Cd, the HC5
from the ecologically realistic distribution of trophic levels was a factor 3.4 lower
than the HC5 for the haphazard collection of species whereas for LAS it was a factor
of 3.2 higher. We believe that this kind of result with changes in sensitivity in both
directions is to be expected because the original data being used in the SSDs are
taken from available databases. They may therefore either over- or underestimate
the sensitivity of more ecologically realistic distributions of species to a degree that
is not possible to specify a priori.

It should also be noted that in this analysis we have adjusted distributions for
trophic composition and not given any consideration to the relevance of the taxa to
the ecological situations under consideration. This could very well exacerbate the
problems illustrated by the readjustment of the HC5s on the basis of trophic
composition.

Table 4. Probabilistic effects thresholds for 11 chemicals derived from the
original data in Versteeg et al. (1999). HC5 values are the lower 95%
confidence limits, assuming either log-logistic or log-normal
distributions. 5th and 10th centiles were estimated as 100 x rank/(n + 1)
where n= number of taxa in the distribution. The 5th and 10th centiles
were estimated by linear interpolation between the ranks that were just
above and just below these centiles. The dashes in the final column
indicate that the most sensitive species in the sample had a centile
greater than the 5th or 10th centile. See also Table 2.
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P2. Endpoints for input into SSDs should be more rigorously chosen. When the
assessment endpoint is the persistence of species populations, individual-level end-
points measured in ecotoxicological tests should be translated to likely population-
level impacts and the resulting values used as input into the SSD. A variety of
population models, from very simple to very complex, may be used for this purpose
(Calow et al. 1997; Akçakaya et al. 1999; Caswell 2001).

P3. Decisions about the fraction of species to protect should be based on consid-
erations of the total number of species per taxonomic and/or functional group in
the target system. Systems with fewer species are likely to have less functional
redundancy, and this may argue for protecting a higher fraction of them. The
identity of the most sensitive species in the SSD should also be considered, and if
there are indications that the left tail is biased toward certain taxa or functional
groups, the ‘acceptable’ effects level could be adjusted downwards if necessary. In
any case, justification for the chosen protection level should be stated clearly and
the uncertainty associated with the decision articulated.

P4. Although confidence limits can provide a useful measure of the statistical
uncertainty in a sample parameter, there remain substantial biological uncertainties
that may influence the distribution of species sensitivities, but not be reflected in the
calculated parameters of an SSD. Therefore interpreting confidence limits for SSDs
requires great care. Comparison of the HC5 values (that assume a 95% confidence
level) in Table 4 with estimated 5th centiles show that the latter (for those data sets
that they could be calculated) are about an order of magnitude greater than the
former.

P5. As a general rule, data should not be assumed to follow a particular distribu-
tion without explicit justification, for example, provided by a goodness-of-fit test.
However, recognizing that the number of data points used to generate SSDs may be
too small to place much confidence in lack-of-fit statistics, empirical distribution
curves may be a more transparent alternative, provided that the original data points
(and not just the fitted curve) are presented.

P6. Debate as to the minimum number of data points necessary to generate
reasonable SSDs is ongoing (Newman et al. 2000). Unfortunately, it seems that the
issue of quantity has taken precedence over the issue of quality (i.e., appropriate
endpoints measured in an appropriate sample of species), which is equally if not
more important to reducing the uncertainty in effects assessment. The effect of
adding more species to an SSD may depend on whether the added species represent

Table 5. Comparison of HC5 values (with 95% confidence limits) calculated for
the original data in Versteeg et al. (1999), assuming a log-normal
distribution and for a distribution adjusted to reflect a more realistic
trophic composition as defined in the text. The final column gives the
extent to which the adjusted HC5 differs from the original HC5.
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a new taxonomic or functional group. It is generally assumed that members of the
same taxonomic group are more similar to each other in sensitivity than to members
of other taxonomic groups. This assumption can be assessed by examining the
relationship between the number of taxa used to generate an SSD and its associated
spread. Taking data from Crommentujn et al. (2000) on chronic NOECs for four
metals (Cd, Cu, Pb, Zn) measured in freshwater, marine, and terrestrial species, we
have plotted the spread in each SSD (4 metals x 3 community types = 12 points) as
a function of the number of taxa going into each distribution (Figure 1). There is
a significant positive correlation (P = 0.007, n=12, r2=0.53) indicating, not surpris-
ingly, that the more taxa going into an SSD the wider the distribution of species
sensitivities.

If the species selected for input into an SSD are truly an unbiased random sample
of the distribution of target species, then as the sample size increases the spread of
the resulting SSD should decrease. However, if the additional species are intention-
ally chosen to represent new taxonomic or functional groups, then it is likely that
the spread of the SSD will increase as more species are added. This is an important
consideration given that the application of SSDs is meant to reduce uncertainty in
the risk assessment process.

QUO VADIS?

We have deliberately contrasted the RQ and SSD approaches as alternatives
because this is often the way they have been portrayed in the literature. However,

Figure 1. Number of taxa used to generate SSDs for freshwater
(circles), marine  (X) and terrestrial (triangles) species
by Crommentujn et al. (2000; Table 1). The Mean-
Corrected Spread was obtained by dividing the distri-
bution width parameter (β) by the mean of the SSD (α)
to account for differences in toxicity among metals.
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this need not be the case. In a tiered risk assessment it seems entirely sensible that
a less data-hungry approach be used as an initial screen involving worst-case assump-
tions and risk quotients, followed by a more refined approach based upon SSD (as
has been recommended in ECOFRAM [1999]) for pesticide risk assessment).

Indeed, as indicated in the introduction, were we able to define species sensitivity
distributions for ecological targets of interest, then by definition this would clearly
be a better way of carrying out an ecological risk assessment (subject to the concerns
raised in the Assumptions T1 to T3). Nevertheless, we have wanted to draw attention
to three issues in the foregoing in the context of the rising popularity of SSDs in the
regulatory and scientific communities. First, if used uncritically (without careful
attention to Assumptions P1 to P6) the SSD approach can potentially lead to
conclusions based on foundations no more substantial than the RQ approach.
Second, and related, the Assumptions P1 to P6 (and their violations) are often
obscured by the apparent sophistication of the models and their outputs. This can
lead to less, not more, transparency than provided by the RQ approach. Third, given
the greater data requirements of constructing an SSD, it is likely that risk quotients
will remain an important screening tool at the first tier of the risk assessment with
SSDs being used at higher tiers. Comparisons of the two methods show that neither
method provides consistently lower risk estimates (OECD 1992; Forbes and Forbes
1993). This suggests that either the application factors used to generate risk quo-
tients are not large enough for screening purposes or that the SSDs are overestimat-
ing the variability in sensitivity among species. Moreover, Versteeg et al. (1999)
showed that between 10 and 52% of the genera in literature-derived SSDs were
predicted to be affected at concentrations corresponding to mesocosm NOECs
indicating that SSDs generated in this way may often overestimate risk relative to
intact systems.

If the SSD approach is to lead to improved (i.e., more accurate) risk assessments,
it is essential that the distributions generated accurately reflect the variability among
species that are the target of the risk assessment, whether this be a generalized type
of ecosystem or a community at a specific site. For existing and new chemicals
legislation it is often necessary to carry out risk assessments in terms of generalized
ecosystems. Is it possible to approach these by constructing a sensitivity distribution
for a generalized community? In principle this would need to be done in terms of
the distribution of taxonomic, functional, and life-cycle types in nature across the
region(s) concerned. It would seem unlikely that the arbitrary distributions con-
structed from available databases would be satisfactory in these terms, but this
should be explored. For site-specific risk assessments, sensitivity distributions should
be generated for communities in the specific receiving ecosystems. In other words,
the sensitivity distribution would need to reflect the species from the natural systems
rather than be based on a haphazard collection of literature data. At the very least
this means that the taxonomic and trophic composition of the target community
should be adequately represented. One way that this might be approached would
be through assigning weights to the input values to adjust the distribution to reflect
the relative abundance of different taxa.

The overriding conclusion is that if we want to move forward from risk/hazard
quotients in a substantiated rather than just pragmatic way we need to know more
about ecological organization and the sensitivity distributions that go with it. Both
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the limitations and the challenges of the SSD approach need careful consideration.
The sensitivity distribution approach should be encouraging us to think more
carefully about how to sample species from ecological systems of interest. Faced with
the need to determine the sensitivity distribution for an ecological system consisting
of a large number of species requires that some decision is taken on the relative
importance of species and hence how to characterize their sensitivity. Relative
importance might be considered in terms of numbers, biomass, or functional roles
within the system, and this therefore raises fundamental questions that are rarely,
if ever, addressed in routine ecological risk assessments. Although probabilistic
methods such as SSDs have the potential to lead to better risk assessments than
simple risk quotients, they will not do so unless they are rigorously and transparently
applied and interpreted. Using the sensitivity distribution approach in a measured
way, that carefully makes explicit and takes account of the assumptions associated
with it (T1-T3 and P1-P6), therefore ought to take us forward to more relevant
assessment of risks arising from human activities for ecological systems.
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